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A B S T R A C T

Agricultural plastics like mulching films may become a major source of microplastic (MP) soil contamination during their degradation and fragmentation. This study 
investigates the effects of agricultural MPs from conventional (linear low-density polyethylene, PE) and biodegradable (starch-blended polybutylene adipate co- 
terephthalate, PBAT-BD) mulching films on soil physicochemical properties, aggregation, microbial diversity and functions, litter decomposition, and greenhouse 
gases emissions (GHG). For this purpose, MPs were mixed into soils at realistic MP concentrations of 0.005 % and 0.05 % (w/w) in 2022 on experimental plots in 
three EU countries representing different pedoclimatic conditions (Finland, Germany and Spain), followed by monitoring of the above-mentioned variables in the 
subsequent growing seasons 2022 and 2023. We found several significant MP-induced effects for soil properties, aggregation, microbial diversity, litter decompo
sition, and GHG, but the effect endpoints were less pronounced or varied considerably. Contrarily, microbial activity, contributing to soil functions such as nitrogen 
cycling, was consistently reduced by both conventional and biodegradable MPs. The reductions were more pronounced after the second season and for the higher MP 
treatment. As the higher MP concentration (i.e., 0.05 % w/w) is environmentally relevant in Europe, our findings emphasize the potential effects of environmentally 
relevant MP concentrations on soil health. Furthermore, the effects increased from north to south, probably modulated by varying pedoclimatic conditions, inducing 
reflection of a need for regionally tailored risk assessment to protect soil from plastic pollution.

1. Introduction

Microplastics (MPs) are pervasive and persistent pollutants of all 
ecosystems (Schell et al., 2020; Zhu et al., 2019). They can release 
harmful additives and infiltrate the food chain, potentially impacting 
also human health (Do et al., 2022; Siddiqui et al., 2023). Soils are 
considered the largest environmental reservoirs of MPs globally (Bläsing 
and Amelung, 2018; Hurley and Nizzetto, 2018), with their presence 
particularly well-documented in agricultural lands (Chia et al., 2023; 

Corradini et al., 2019; Scheurer and Bigalke, 2018). Although research 
on the distribution and prevalence of MP in soils is still hindered by the 
lack of harmonized methodologies and comparable data, reported levels 
for agricultural soils vary widely (from a few hundreds to tens of 
thousands of particles per kg of soil mass) (Wrigley et al., 2024) and are 
expected to rise in the future (Meizoso-Regueira et al., 2024). A rough 
conversion suggests that mass ratios of plastic in soil can vary between 
<0.0001 % and 0.1 % which are the ratios already appeared in the 
literature (Corradini et al., 2019; Dierkes et al., 2019). In extreme cases, 
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such as the mishandling and burial of mulching films, substantially 
higher ratios are possible (Koutnik et al., 2021).

MPs enter soils via atmospheric deposition, sludge application, or use 
and mismanagement of agricultural plastics (APs) (e.g., mulching films, 
ground covers, solarization films, nets, irrigation pipes) (FAO, 2021). 
While biosolid fertilizers are considered a major source for agricultural 
soils (Nizzetto et al., 2016; Piehl et al., 2018; Weithmann et al., 2018), 
the role of APs has recently garnered increased attention (Baker and 
Thygesen, 2021; Briassoulis, 2023; FAO, 2021; Hofmann et al., 2023). 
The use of APs is expanding both in quantity (1.5–2 Mt y− 1 of APs in the 
EU (Hann et al., 2021) and 11.7 Mt y− 1 globally (Plastics Europe, 2022) 
and in the diversity of applications (Briassoulis, 2023; Dhevagi et al., 
2024). Following ageing during use or mismanagement, APs can 
degrade and release MPs. Several studies, mostly conducted in labora
tory conditions suggest this contamination can affect soil properties and 
health (Yang et al., 2024; Zhang et al., 2024a,b). However, assessment of 
soil responses to MP pollution originating from APs in field conditions is 
still limited (Jia et al., 2024; Lin et al., 2020). Unlike laboratory studies, 
field experiments yield more environmentally relevant insights and 
reflect the effects on soil physicochemical properties, soil biota and 
plants. Indeed, recent work has emphasised the need for long-term field 
experiments (Jiang et al., 2024; Johansen et al., 2024), but so far only a 
limited number of studies cover different pedoclimatic regions and soil 
types, with management practices relevant to crop production. 
Addressing this gap is essential for understanding the risks and 
long-term impacts of microplastics in agroecosystems (Hasan and Tar
annum, 2025), and it forms the basis of our study design.

Plastic mulching films are widely used to help minimize water loss, 
increase soil temperature to support germination, and suppress weed 
growth, which collectively contributes to enhanced agricultural pro
ductivity (Kasirajan and Ngouajio, 2012). However, thin mulching films 
often experience substantial degradation due to environmental stressors 
like ultraviolet radiation, hydrolysis, microbial degradation, mechanical 
damage, and thermal gradients (Alimi et al., 2022; Karkanorachaki 
et al., 2022; Pfohl et al., 2022). They tend to become brittle and tear; 
their partial burial in the soil at the edges complicates retrieval even 
more, leaving fragmented plastic scattered across the field (Briassoulis, 
2023). The repeated application of plastic mulch films has significantly 
contributed to the accumulation of MP debris in soils, especially in areas 
using very thin (e.g., 8 μm) films (Huang et al., 2020; Li et al., 2022; Liu 
et al., 2018). For example, after 32 years of continuous use, plastic 
mulch films accounted for 33–56 % of total MPs in soil (0–100 cm), 
averaging 8885 particles kg− 1 in the topsoil (0–10 cm) (Li et al., 2022). 
However, as approximately 75 % of available studies were conducted in 
Asia, the knowledge about the MPs originating from the mulching films 
in European soils is limited (Büks and Kaupenjohann, 2020; Wrigley 
et al., 2024) with a few exceptions from, e.g., Spain, Italy and Germany 
(Beriot et al., 2021; Kedzierski et al., 2023; Piehl et al., 2018). For 
example, Piehl et al. (2018) reported that 43.7 % of MPs were poten
tially derived from APs.

MP contamination has been shown to hold the potential of affecting a 
broader range of soil characteristics and functions, including: microbial 
activity (De Souza Machado et al., 2018; Zhao et al., 2021; Kim et al), 
litter decomposition (Djukic et al., 2018), and soil properties, such as 
soil pH and nutrients, water holding capacity, bulk density and aggre
gation (De Souza Machado et al., 2018; Qiu et al., 2022; Wang et al., 
2022). These effects depend on MPs’ physical and chemical properties, 
soil contamination, and climate (Feng et al., 2022; Fu et al., 2022; Ren 
et al., 2020). Recent studies show that MPs significantly affect soil mi
crobial communities and fungal biomass, fostering distinct microbial 
assemblages including plastic-degrading bacteria, which alter microbial 
diversity and richness (Aralappanavar et al., 2024; Sun et al., 2022; 
Zhang et al., 2023). The microbial mineralization of MP led to an in
crease in microbial activity and CO2 production, and nitrogen mineral
ization was also shown to be altered (Reay et al., 2023; Rillig et al., 
2021). Although the effects of MPs on the soil microbial community and 

other mentioned effects are highly dependent on the surrounding 
environment and anthropogenic conditions, most studies to date have 
been conducted in controlled environments that may differ from com
plex and fluctuating field conditions. Field experiments are not without 
their own particular set of challenges. For instance, if they are not per
formed with a robust statistical design, the variations in climatic con
ditions or spatial variation in the soil properties may mask the impacts of 
the factors being studied. On the other hand, a robust study based on 
adequate replicates, proper design and consistent management practices 
across tested treatments minimises the influence of uncontrolled sources 
of variability and strengthens the reliability of the obtained findings.

This study examines the impact of MPs on soil physicochemical 
properties, microbial communities, and processes under field conditions 
in Finland, Germany, and Spain, representing diverse pedoclimatic 
conditions. Here we focus on APs that originate from mulch films. 
Consequently, MPs from conventional and biodegradable mulching 
films that were selected for their widespread agricultural use and limited 
research were applied at environmentally relevant concentrations 
(0.005 % and 0.05 % w/w dry soil). Over two years, soil aggregation, 
bacterial and fungal community composition, microbial carbon (C) and 
nitrogen (N) mineralization, organic matter decomposition, and green
house gas emissions (in Finland) were analyzed. The hypotheses were as 
follows: (i) agricultural MPs affect soil properties and structure, soil 
microbial community composition and soil microbial processes at 
environmentally relevant concentrations; (ii) biodegradable and con
ventional agricultural MPs have different effects on these endpoints; (iii) 
the effects differ under contrasting pedoclimatic conditions; and (iv) the 
effects vary with time due to degradation. This study is among the first to 
investigate a wide range of realistic factors will be investigated simul
taneously in a long-term experiment.

2. Materials and methods

2.1. Microplastic test materials

Two commercial mulching films, linear low-density polyethylene 
(LLDPE, hereafter PE) and biodegradable starch-blended polybutylene 
adipate co-terephthalate (PBAT-BD, hereafter Bio), were cryomilled 
from repelleted films to produce MPs. This cost-effective method 
enabled large-scale production for field experiments. Recycled film 
pellets retain the virgin films’ chemical composition but exhibit reduced 
stability, resembling aged rather than new films (Hurley et al., 2024). 
Film thicknesses were 15.4 ± 0.6 μm (PE) and 15.1 ± 0.8 μm (Bio). Both 
MPs were repeatedly utilized in studies within the EU Horizon 2020 
project "Plastic in Agricultural Production: Impacts, Lifecycle and 
Long-term Sustainability" (PAPILLONS, 2024), with internal designa
tions M-rPE-black-A0 (PE-MP) and M-rBIO-black-A0 (PB-MP). Detailed 
MP characteristics are available in Hurley et al. (2024).

2.2. Field plot experiment setup

The field plot experiments were conducted with identical setups in 
three EU countries within the EU Horizon 2020 project PAPILLONS 
(PAPILLONS, 2024). The coordinates are as follows: Finland 60◦51′02.4″ 
N 23◦28′03.9″ E, Germany 50◦37′00.6″ N 6◦59′50.7″ E, and Spain 
40◦31′41.7″ N 3◦17′44.4″ W. Composite soil samples for characterization 
of the experimental sites were taken before the establishment of the 
experiments, and the basic soil properties are listed in Table 1.

The experimental setup included a control (non-treated) and four MP 
treatments: PE low concentration at 0.005 % w/w (PEL) and high con
centration 0.05 % w/w (PEH), and Bio at 0.005 % w/w (BioL) and 0.05 
% w/w (BioH). These concentrations, selected based on MP occurrence 
in agricultural soils (Qiu et al., 2022), represent mid-to-high exposure 
levels. MP mass calculations for the top 10 cm soil layer assumed a bulk 
density (BD) of 1.5 g cm− 3, but site-specific variations resulted in final 
concentrations of 0.007 % and 0.065 % (Finland), 0.006 % and 0.055 % 
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(Germany), and 0.006 % and 0.058 % (Spain). For clarity, treatment 
codes 0.005 % and 0.05 % are used in figures and tables.

The field experiment in each country included five replicates (n = 5) 
per treatment and control, totaling 25 randomized blind-to-operator 
plots in a Latin square design. The study area measured 51 m × 51 m, 
with 3.5 m × 4.5 m plots spaced 5.5 m apart (Supplementary Fig. S1a). 
Treatments were applied across entire plots, while sampling occurred in 
designated 2.5 m × 2.5 m areas, divided for sampling in 2022 and 2023 
(Supplementary Fig. S1b). Litter decomposition tea bags and GHG col
lars were positioned outside sampling zones.

Initiated in spring 2022, MPs were distributed on the soil surface 
using a stainless-steel colander and incorporated into the uppermost 10 
cm with a rotavator, ensuring control plots received identical distur
bance. Malt barley was sown, with fertilization and plant protection 
treatments following site-specific regulations. Planting, fertilisation and 
plant protection measures were applied uniformly across all plots, 
including controls without MPs.

2.3. Effects endpoints, sampling, and sample storage

Soil samples for chemical properties, aggregation, and microbial 
activity were collected using a metallic soil auger in autumn 2022 and 
2023, within seven days post-harvest. Four sub-samples were combined 
to form 2-kg composite samples for each depth (Supplementary 
Table S1). Soil aggregates were extracted as undisturbed blocks, while 
the remaining material was homogenized before subsampling. Com
posite samples designated for chemical analyses were air-dried and 
stored at room temperature, whereas samples for aggregate stability and 
microbial activity were maintained in crush-resistant containers (ster
ilized 50 mL-conical test tube and plastic boxes with holes in the lid >1 
dm3, respectively) at 4 ± 2 ◦C to ensure sample integrity.

Bulk density (BD) measurements were conducted using a 5 cm high 
cylinder of known volume (Supplementary Table S1), with BD calcu
lated as dry soil mass divided by cylinder volume (g cm− 3). BD samples 
were not collected in Germany in 2022.

For microbial community and fungal biomass analyses, soil samples 
for DNA and ergosterol extraction were obtained from the topsoil layer 
using a steel corer, which was disinfected with 70 % ethanol before each 
use to prevent contamination. To avoid cross contamination, the corer 
was inserted into the soil outside the experimental area between plots 
before cleaning. Samples were sieved through heat-sterilized sieves in 
the field, maintained on ice during transport, and stored frozen at 
− 20 ◦C in Eppendorf tubes for subsequent analysis.

Litter decomposition was assessed using the standardized “Tea bag” 
method (Didion et al., 2016) with green tea (Camellia sinensis) and 
rooibos tea (Aspalanthus linearis), selected for their differing cellulose 
and lignin content (Djukic et al., 2018). Lipton-brand tea, sponsored by 
CVC Capital Partners plc, was dried at 70 ◦C for 48 h before weighing. 
Due to unavailability of the original tetrahedron-shaped synthetic tea 
bags (Keuskamp et al., 2013) in the EU, nylon mesh bags (250 μm mesh 
size) were used. Each plot received three tea bags per type per incuba
tion period (two months annually, with an additional three-month batch 
in 2023), buried at 8 cm depth and covered with cored soil. Bags were 

placed outside sampling areas to prevent disturbance. After incubation, 
tea bags were carefully retrieved using metal spoons, ensuring ID-tag 
integrity, cleaned of soil and plant debris, and dried at 70 ◦C for 48 h.

At the Finnish site, the greenhouse gases (GHGs) CH4, CO2, and N2O 
were measured using LI-7810 and LI-7820 analysers (LICOR Bio
sciences) in May and September 2022, and twice in June, July, and 
August 2023. Measurement collars were installed in May, with plant 
removal conducted one day prior. In total, GHGs were assessed eight 
times during the barley growing season.

2.4. Analytical methods

Detailed descriptions for all analytical methods are available in the 
supplementary material under method descriptions.

2.4.1. Soil physicochemical properties
Soil pH and electric conductivity (EC) were measured from air-dried 

soils after water extraction (1:2.5 v:v). Nutrients (WETN, NO3-N, NH4-N, 
PO4-P) and WEOC were analyzed via 1-h water extraction (1:10, w:v), 
filtration (0.7 μm glass fiber filter), and detection with a Skalar San++

autoanalyzer and TOC-V CPN Analyzer (Shimadzu, Kyoto, Japan). 
WEON was calculated as WETN minus mineral nitrogen (NO3-N, NH4- 
N). TC and TN were measured via dry combustion (Vario Max CN- 
analyser), and OC was determined by subtracting IC measured after 
ignition from TC. Results are expressed per soil dry weight (DW, oven- 
dried at 105 ◦C).

Soil aggregation size fractions were analyzed using a modified pro
tocol (Rillig et al., 2019). Air-dried soil (1 week, room temperature) was 
sieved (4 mm), then passed through stacked sieves (4000, 2000, 1000, 
250 μm) to determine aggregate size proportions.

Water-stable aggregates were assessed via a modified protocol 
(Kemper & Rosenau, 2018). Air-dried (1 week) soil (4–5 g) was rewetted 
(5 min, deionized water, 0.25 mm sieve) and wet-sieved (Eijkelkamp, 
Netherlands; stroke = 1.3 cm, 34 times min− 1, 3 min). Samples were 
separated into water-unstable and water-stable (>0.25 mm) fractions, 
dried (60 ◦C, 24 h) and corrected for debris and sand. Water-stable 
aggregate percentage was calculated as (water-stable fraction – coarse 
matter)/(4.0 g – coarse matter).

2.4.2. Microbial communities
Isolation of microbial genomic DNA from approximately 250 mgww 

fresh soil samples was done with the DNeasy PowerSoil Pro kit (Qiagen) 
using the QIAcube Connect (Qiagen). The bacterial V4-V5 16S rRNA 
region was amplified using 515F-926R primers (Parada et al., 2016; 
Quince et al., 2011), and the fungal ITS region with fITS7-ITS4 primers 
(Ihrmark et al., 2012; White et al., 1990). Bacterial and fungal libraries 
were prepared as described by Kim et al and sequenced on an Illumina 
MiSeq 2000 platform (BeGenDiv, Berlin, Germany) using 2x300-bp 
paired-end sequencing. ASV richness was assessed, with denoised, 
chimera-free, non-singleton bacterial and fungal ASVs obtained via 
DADA2 (Callahan et al., 2016; R Core Team, 2024), processed separately 
for each country and year. Taxonomy was assigned using the Silva (ver. 
132) (Quast et al., 2012), and UNITE (Abarenkov et al., 2023) databases. 

Table 1 
Particle size distribution, pH (in 0.01 M CaCl2 and water suspension), electrical conductivity (EC), total carbon (TC), total nitrogen (TN), and organic carbon (OC) 
measured in the top 0–20 cm soil layer at each field experiment site.

Location Texturea pHCaCl2 pHH2O EC mS cm − 1 TCb% TNb% OCc%

<2 μm 2–20 μm >20 μm

Finland 26 9 65 5.4 6.0 0.09 2.32 0.20 2.32
Germany 19 28 53 6.9 7.3 0.17 1.21 0.14 1.21
Spain 39 21 40 7.4 7.9 0.25 1.41 0.16 1.31

a Determined by the pipette method.
b Measured with a dry-combustion method (Vario Max CN-analyzer).
c OC = TC-IC, IC measured with a dry-combustion method after removing OC by the loss on ignition (LOI) (Koorneef et al., 2023).
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Alpha diversity indices were calculated using the VEGAN package from 
rarefied data.

Fungal biomass was quantified via its biomarker, ergosterol, using 
HPLC with a reverse-phase column (Adamczyk et al., 2024). Ergosterol 
was extracted from 0.25 g freeze-dried soil with cyclohexane and 10 % 
KOH in methanol, ultrasonicated for 15 min, and incubated at 70 ◦C for 
1 h. After phase separation with water and cyclohexane, extracts were 
evaporated under nitrogen gas at 40 ◦C, re-dissolved in methanol, and 
filtered (0.2-μm PTFE). HPLC (Arc Waters, USA) with a C18 100A 
reverse-phase column (Phenomenex, USA) measured ergosterol via 10 μl 
injection and isocratic separation (100 % methanol, 1 ml min− 1), 
detected at 282 nm.

2.4.3. Microbial activity and decomposition
Water holding capacity (WHC) according to (ISO 11268-2, 2023) and 

dry mass according to (ISO 10390, 2021) were measured for each 
treatment, the rest of the soil samples were moistened to 40 % WHCmax 
and stored in the fridge at 4 ± 2 ◦C until analysis (max 8 weeks ac
cording to (ISO 18512, 2007)). Before measurements, soil samples were 
preincubated in darkness at 21 ± 2 ◦C for 14 days to stabilize the soil 
environment (Hund-Rinke and Simon, 2008).

Carbon mineralization was measured via basal respiration (BR) and 
substrate-induced respiration (SIR) (ISO 14240-1, 1997; ISO 16072, 
2002), using 10 gdw samples sealed in infusion bottles, aerated, incu
bated at 21 ± 2 ◦C, and analyzed via Aquilent GC 6850, with CO2 levels 
expressed as μg CO2-C gdw− 1 h− 1. SIR followed a similar procedure, 
with glucose addition, and CO2 measured after 0, 3, and 6 h.

Nitrogen mineralization was assessed via potential ammonium 
oxidation (PAO) and potential ammonification (PAMO). PAO followed 
ISO 15685 (2012), using 10 gdw samples with 1.5 mmoL L− 1 (NH4)2SO4 
as substrate, analyzed in FIAlab-2500 (1M KCl mobile phase) and 
expressed as μg NO2-N gdw− 1 h− 1. PAMO involved adding 1 mg L-arg 
mL− 1 L-arginine to 2 gdw samples, incubated at 30 ◦C, analyzed via 
FIAlab-2500 (2M KCl mobile phase), and expressed as μg NH4-N gdw− 1 

h− 1.
Litter decomposition was assessed separately for each tea type per 

plot by calculating the mean percentage of remaining mass in dried tea 
bags.

2.5. Statistical analyses

For a detailed description of study sites, see section 2.2. A total of 36 
endpoints (Supplementary Table S2) were analyzed, including soil 
properties, microbial diversity, decomposition, and functional activity 
using a generalized linear mixed model (GLMM). Fixed effects included 
treatment, country, year (2022 and 2023), depth (0–10 cm and 10–20 
cm), and their interactions, while random effects accounted for spatial 
variation.

Depth correlations within plots were modeled using homogeneous 
(CS) or heterogeneous (CSH) compound symmetry structures (R-side 
random effect), and year correlations via G-side random effects. Unequal 
variances were allowed for countries as needed, based on likelihood 
ratio tests. For skewed variables, gamma or log-normal distributions 
were applied. Residual normality was assessed graphically and it was 
adequate for all models. The residual pseudo-likelihood RSPL estimation 
was used for skewed variables, and REML for others, with degrees of 
freedom calculated using the Kenward-Roger method. Treatment effects 
were compared to controls within country-depth-year combinations 
using Dunnett’s method (α = 0.05). The analyses were performed using 
the GLIMMIX procedure of SAS Enterprise Guide 8.3 (SAS Institute Inc., 
Cary, NC, USA). Beta diversity was analyzed using Bray-Curtis distances, 
and the treatment effect was calculated using non-parametric multi
variate analysis of variance test (ADONIS2) and permutational multi
variate analysis of variance (PERMANOVA) in the VEGAN package of R 
using 9999 permutations. Non-metric multidimensional scaling (NMDS, 
function metaMDS) ordinations were used to visualize the microbial 

community. Pairwise t-tests with Bonferroni correction (p < 0.05) 
assessed significant Bray-Curtis distance differences.

2.6. Data storage and availability

Data will be available upon publication. Used data will be accessible 
via Zenodo (10.5281/zenodo.14825718; 10.5281/zenodo.11068075), 
while raw amplicon sequence data are deposited in the NCBI SRA under 
PRJNA1218479.

3. Results

3.1. Soil physicochemical properties

Only a few statistically significant differences were observed among 
measured soil properties between the control and MP treatments 
(Supplementary Tables S3, S4 and S5). BD varied across countries and 
soil layers but showed no significant differences between the treatments 
(Supplementary Table S3). Soil pH was lower in the BioH treatment than 
in the control concerning the 0–10 cm layer in Finland in the year 2023 
(p = 0.046) and in the 10–20 cm layer in Germany in the year 2022 (p <
0.001). In Germany in 2022, low concentrations of PE and Bio also 
coincided with lower pH than control in the 10–20 cm soil layer (p <
0.001) (Supplementary Table S3, Fig. S2). No significant differences 
were detected in Spain, which inherently has the highest pH.

The MP treatment did also not affect soil OC, TN, or WEOC contents 
(Supplementary Tables S3, S4 and S5). In the 0–10 cm soil layer, OC was 
2.5, 1.2, and 1.4 % in Finland, Germany, and Spain, respectively, and in 
the 10–20 cm soil layer, 2.1, 1.2, and 1.2 %. In line with the OC contents, 
WEOC concentrations were largest in Finland (252 and 244 mg kg− 1 in 
0–10 and 10–20 cm soil layers, respectively), followed by Spain (189 
and 143 mg kg− 1 in 0–10 and 10–20 cm soil layers, respectively) and 
Germany (130 and 127 mg kg− 1 in 0–10 and 10–20 cm soil layers, 
respectively).

Concerning NO3-N levels, statistically significant differences to the 
control were observed only in Spain in 2023. Here, lower NO3-N con
tents were detected in both PEL and PEH treatments at 0–10 cm depth (p 
= 0.016 and 0.013, respectively) and in the PEH treatment at 10–20 cm 
depth (p = 0.045) (Fig. 1). These reduced NO3-N levels contributed to 
lower WETDN in the treatments with the PEL and PEH at 0–10 cm (p =
0.010 and 0.034, respectively) (Supplementary Tables S4 and S5). 
Higher WEON contents relative to control plots were measured only in 
Germany in 0–10 and 10–20 cm soil layers in PEL (p = 0.032 and p =
0.041, respectively) and in 10–20 cm soil layer in BioL (p = 0.001) 
(Supplementary Table S3). In general, the lowest WEON contents were 
measured in 2022 in Germany. Lowest water extractable PO4-P contents 
were measured in Spain, but MPs did not have any impact on the content 
of water extractable PO4-P (Supplementary Tables S4 and S5).

The soil aggregate size fractions varied across years, and this varia
tion was more or less similar to the variation within treatments. The 
amount of soil aggregates in the size range of 2–4 mm was larger in the 
control in 2023 than in 2022 (p < 0.001), which went along with a 
decline in the amount of the smaller soil aggregate sizes (<0.25 and 
0.25–1 mm) (p < 0.05) (Supplementary Table S6), and overall lower 
portions in the fractions (%) of water-stable aggregates (Fig. 2). MP 
treatments, in turn, had inconsistent effects on both soil aggregate size 
fractions and water stable aggregates (Fig. 2, Table S6). In Finland, the 
amount of water-stable aggregates was larger in the PEH and BioL 
treatments than in the control, accompanied by a slight (from 21 % to 
24 %) gain in the fractions of the small macroaggregates (0.25–1 mm; 
Supplementary Table S6); yet, these effects were not apparent in the 
other regions (Fig. 2). In Spain, we observed a loss of the 2–4 mm 
aggregate size fractions in the PEH trials, which went along with a gain 
of the 0.25–1 mm fraction (Supplementary Table S6). Soil micro- 
aggregation remained unaffected in all trials and countries 
(Supplementary Table S6).
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3.2. Effects on microbial communities

Alpha diversity indices (Chao1, InvSimpson, Shannon) of the bac
terial community showed no significant differences between MP 

treatments and the control (Supplementary Table S7). Across all field 
experiments, the dominant bacterial phyla were Acidobacteriota (9–21 
%), Actinobacteriota (17–31 %), and Proteobacteria (21–28 %) 
(Supplementary Fig. S3–S4), with no MP-induced abundance changes (p 

Fig. 1. Nitrate (NO3-N) in mg kg− 1. The values represent estimated means (± the upper and lower limits) measured in 0–10 cm (A, B, C) and 10–20 cm soil layers (D, 
E, F) after the first (2022, open circles) and second (2023, closed circles) growing seasons in Finland, Germany, and Spain. Treatments from left to right include 
control (CTR), polyethylene MP at low (PEL) and high (PEH) concentrations, and PBAT-BD MP at low (BioL) and high (BioH) concentrations. Stars indicate sta
tistically significant differences from the control withing the year (p < 0.05).

Fig. 2. Soil water stable aggregates (WSA) in %. The values represent estimated means (± the upper and lower limits) measured after the first (2022, open circles) 
and second (2023, closed circles) growing seasons in Finland, Germany, and Spain, respectively. Treatments from left to right include control (CTR), applications of 
polyethylene MP at low (PEL) and high (PEH) concentrations, and PBAT-BD MP at low (BioL) and high (BioH) concentrations, respectively. Asterisks indicate 
statistically significant differences from the control withing the year (p < 0.05).
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> 0.05). NMDS ordination and PERMANOVA tests indicated no signif
icant shifts in bacterial communities at the ASV level (Supplementary 
Fig. S5). However, Bray-Curtis distance estimates revealed a signifi
cantly lower bacterial community similarity in Germany’s PEL treat
ment (2023, p = 0.041) and a significantly higher divergence in Spain’s 
BioH treatment (2023, p < 0.001) compared to controls (Supplementary 
Fig. S6e–S6f), suggesting a convergent effect of PEL in Germany and a 
divergent effect of BioH in Spain.

Fungal alpha diversity indices showed minimal changes between MP 
treatments and controls across all sites (Supplementary Table S7). 
However, in Germany, fungal ASV diversity was significantly lower in 
PEH (InvSimpson p = 0.032) and BioH (InvSimpson p = 0.002, Shannon 
p = 0.027) in 2022, while ASV richness was significantly higher in PEL 
(p = 0.046) in 2023. Dominant fungal phyla included Ascomycota 
(62–95 %), Basidiomycota (3–16 %), Mortierellomycota (1–6 %), and 
Chytridiomycota (<3 %) (Supplementary Fig. S7–S8). In Finland, Basi
diomycota abundance increased in BioL treatment compared to the 
control (p = 0.016). NMDS ordination and PERMANOVA tests showed 
fungal communities remained similar across MP treatments in Finland, 
Germany, and Spain (p > 0.05, Supplementary Fig. S9). Bray-Curtis 
distance estimates also showed no significant MP-induced community 

shifts (p > 0.05, Supplementary Fig. S10). Variability in microbial re
sults was high due to the relatively low number of replicates.

Fungal biomass measured via its biomarker, ergosterol, was the 
highest in 2022 in Finland and Spain sites (Supplementary Table S8). In 
Finland and Germany, there were no statistically significant differences 
between MP treatments in 2022 and in 2023. However, in Spain in 2022, 
in BioH, PEL, and PEH, fungal biomass significantly (all p < 0.001) 
decreased compared to the control.

3.3. Microbial activity and decomposition

In Finland, representing the northern Europe region, significant de
creases (p < 0.05) were found for BR between the control and high 
concentrations of MPs in 2023 and for SIR between the control and BioH 
in 2022 (p < 0.001, Fig. 3, Supplementary Fig. S11). In Germany, rep
resenting the central Europe region, the trend was visible only for BR in 
2023, where all treatments showed significantly lower values of mi
crobial activity than control (p < 0.05, Fig. 3). Finally, in Spain, 
although the microbial activity related to C mineralization was mostly 
unaffected by the treatments in 2022 (except for SIR in BioL and BioH, p 
= 0.027 and 0.024, respectively), changes were observed in 2023 

Fig. 3. Basal respiration (BR), substrate-induced respiration (SIR), potential ammonium oxidation (PAO), and potential ammonification (PAMO). The values 
represent estimated means (± the upper and lower limits) measured after the second (2023) growing seasons in Finland, Germany, and Spain. Treatments from left to 
right include control (CTR), polyethylene MP at low (PEL) and high (PEH) concentrations, and PBAT-BD MP at low (BioL) and high (BioH) concentrations. Stars 
indicate statistically significant differences from the control withing the year (p < 0.05). Letters show significant differences between low and high concentration 
treatments (p < 0.05).
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(Fig. 3, Supplementary Fig. S11). Significant decreases (p < 0.05) in 
microbial activity compared to the control were shown for PEH and 
BioH for both BR and SIR (except for BR in BioH) and also for SIR in PEL.

Significant differences between treatments with low and high con
centrations of specific MPs were observed only in 2023 except for 
Finland where a significant decrease of SIR in BioH compared to BioL 
was recorded also in 2022 (p = 0.002, Supplementary Fig. S11). The 
differences in 2023 followed a similar trend, and only significant de
creases of the activity with the increased MP concentration were found: 
BR decreased for both studied compounds in Finland and Spain, and SIR 
decreased only in Spain (p < 0.05, Fig. 3). In Germany, low and high 
concentrations revealed similar results (p > 0.05). In none of the 
treatments, we observed an enhancement of microbial performance 
after MP application.

In Germany and Finland, N mineralization (assessed as PAO and 
PAMO) measured from MP treatments were primarily similar to control 
soils, except in Finland in 2023, where PAMO was significantly lower in 
BioL and BioH (p = 0.005 and p = 0.003, respectively), in Germany in 
2022, where PAO in BioL and PAMO in BioH were significantly lower (p 
= 0.044 and p = 0.008, respectively), and in Germany in 2023, where 
PAMO was also lower in PEL (p = 0.031) than in CTR (Fig. 3, Supple
mentary Fig. S11). On the other hand, a consistent decrease in PAO 
relative to CTR was observed in the MP treatments in Spain, both in 
2022 and 2023 (p < 0.05, Fig. 3, Supplementary Fig. S11). Moreover, 
PAMO was reduced by MP treatment in the same country, though only in 
2023. The concentration of the MPs significantly impacted N minerali
zation for PE in Spain in 2023, where significantly lower PAMO was 
found in PEH compared to PEL (p = 0.028, Fig. 3). Finally, the only 
increase in N mineralization with the increasing MP concentration in 
this study was recorded in Germany in 2023 for PE (p = 0.001, Fig. 3).

Rooibos tea degraded more slowly than green tea in all countries 
(Supplementary Fig. S12), with significant yearly effects on two-month 
incubation for both tea types (p < 0.001). Green tea decomposition 
varied across countries (p < 0.001), with the fastest degradation in 
Germany, followed by Finland and Spain. Rooibos degraded fastest in 
Finland, followed by Spain and Germany (p < 0.05), though after three 
months, only Spain showed significantly greater degradation than Ger
many (p = 0.025). In Finland, BioH treatments showed slower degra
dation than controls for rooibos tea in 2022 (p = 0.025) and green tea in 
2023 (p = 0.002), with no differences in three-month incubations. No 
significant MP treatment effects were observed in Germany or Spain.

All GHG fluxes varied during the season (Supplementary Fig. S13) 
but the MP treatment did not have effects on CH4, CO2 fluxes whereas 
the N2O flux was higher in PEH, BioL and BioH in late May and in BioL 
and BioH in mid June than in the control.

4. Discussion

This study examined the impact of agricultural microplastics (MPs) 
from conventional and biodegradable mulching films on soil properties, 
microbial processes, and greenhouse gas production across diverse 
pedoclimatic conditions in Finland, Germany, and Spain.

4.1. Soil physicochemical properties

While lower bulk densities (BDs) have been reported in MP- 
contaminated soils (de Souza Machado et al., 2018), particularly with 
fiber-shaped MPs, no BD differences were observed across our three field 
experiments with PE or PBAT-BD MPs. This aligns with findings by 
Massaccesi et al. (2025) and Yu et al. (2023), indicating that significant 
BD changes occur only at MP concentrations above 0.5 %, with soil 
heterogeneity further masking minor variations.

The effects of environmentally relevant MP concentrations on soil 
pH, as studied here, were inconsistent across sites and years. Never
theless, the few significant differences observed indicated lower pH in 
MP treatments compared to the controls. In general, MPs composed of 

different polymer types can have varying or even opposing effects on soil 
pH (Ma et al., 2023a,b,c; ̌Smídová et al., 2024; Zhao et al., 2021), and in 
addition to chemical composition of MPs, their impact may depend on 
soil properties that influence MP aging (Gong et al., 2024; Ma et al., 
2023a,b,c). However, the decrease in pH was mostly observed for the 
treatments with the biodegradable polymer, belonging to the group of 
polyesters. For polyesters, a release of protons during degradation is 
known to cause a decrease in pH (Qi et al., 2020; Sander et al., 2023; Liu 
et al., 2023).

Varying effects of MPs on the solubility of OM in soils have been 
reported, including both increases and decreases (Jing Ma et al., 2023). 
These differing impacts have been attributed to factors such as MP type 
and concentration (Meng et al., 2022) and the size of MP particles (Ma 
et al., 2023a,b,c). In our study, at MP treatments of approximately 0.005 
% and 0.05 %, we observed no significant effects of PE or PBAT-BD MPs 
on WEOC or water-extractable PO4-P in soil samples collected 
post-harvest. Plant residues left in the field after harvest are a major 
source of organic matter and substantially contribute to an increase in 
extractable OM in the autumn (Schiedung et al., 2017). Consequently, 
the potential effects of the low MP concentrations tested in this study 
were likely masked by the substantial organic matter input from plant 
residues.

Short-term incubation studies indicate that MPs impact N cycling in 
soils and sediments (Huang et al., 2020; Liu et al., 2017; Yang et al., 
2024). Here, soil TN showed no significant treatment differences and is 
likely too robust measure to reflect changes in nitrogen cycling over a 
two-year field experiment under typical agricultural practices. MPs can 
inhibit organic N mineralization (Yang et al., 2025) and reduce nitrifi
cation rates (Zhang et al., 2024a,b), limiting mineral N availability. In 
2023, Spain showed the highest NO3-N levels in control plots, while PE 
treatments had significantly lower levels, suggesting that active N 
mineralization may create a regime sensitive to subtle MP-induced 
changes.

Although significant changes were observed in Finland and Spain, 
MP effects on soil aggregate size fractions and water-stable aggregates 
(WSA) were inconsistent. Previous studies report both positive and 
negative impacts, varying with soil type, MP shape, and polymer type 
(Chen et al., 2025; De Souza Machado et al., 2018), often at high MP 
concentrations (>0.2 % dry soil mass) (De Souza Machado et al., 2018; 
Liang et al., 2021). However, in field experiments, environmental and 
management factors (e.g., field operations, drying-wetting cycles) in 
arable soils may overshadow small MP-induced aggregation changes. 
WSA increased in Finland for high PE and low PBAT-BD after the first 
growing season, though this change did not relate with other soil 
property variations and was absent by the second season, indicating a 
short-lived effect. No increase in microaggregates (<0.25 mm), typically 
associated with macroaggregate deterioration, was observed (Lobe 
et al., 2011; Oades & Waters, 1991). In Spain, however, macroaggregate 
sizes decreased, possibly linked to the decline in fungal biomass (see 
4.2).

4.2. Microbial communities

MPs can form a distinct microhabitat by enriching the microbial taxa 
degrading plastics, and this is well known as an important mechanism 
shifting the structures and compositions of the microbial community by 
MPs (Ren et al., 2020). Most previous studies regarding these effects of 
MPs on microbial communities have been based on laboratory in
cubations, typically at very high concentration where PBAT-BD MPs can 
induce significant changes (positive or negative) to the bacterial com
munity at the concentration of ≥0.2 % (Feng et al., 2022; Hu et al., 2022; 
Li et al., 2022; Shi et al., 2022; Wang et al., 2022). On the contrary, a 
field study using realistic concentrations (100 kg ha1 equaling 0.01 % of 
the soil weight) showed no effects on the soil microbial community 
(Greenfield et al., 2022). Greenfield et al. (2022) used an MP concen
tration comparable to ours, but we could show in two of our field trials 
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MP-induced responses. We observed a decrease in fungal diversity in 
high exposure PE and PBAT-BD MP treatments in the first season in 
Germany. In addition, the fungal biomass changed significantly in Spain 
in 2022, showing decreased results for both levels of PE and high 
PBAT-BD MPs. This suggests either a potential toxic effect of MPs for 
fungi, or a selective promotion of bacteria strains. The latter, however, 
contrasts with the general decline in microbial activity parameters, 
suggesting that the toxic effects likely prevail. Fungal growth may in
fluence soil aggregation, as fungi are known to retard the disintegration 
of large macroaggregates (Morris et al., 2019). In Spain, the PEH 
treatment was associated with a reduction in the proportion of large 
macroaggregates, corresponding to the observed decline in fungal 
biomass (Supplementary Table S4).

4.3. Carbon and nitrogen mineralization and decomposition

Despite the absence of statistically significant disparities in the alpha 
diversity indices (Chao1, InvSimpson, and Shannon) of the bacterial 
community between the MP treatments and the control group, microbial 
activity exhibited systematic decreases in MP treatments. These findings 
suggest that MP has a significant impact on the composition of microbial 
communities in soil, underscoring the importance of microbial activity 
assessment as a more precise metric for measuring these changes.

Our study found that soil C mineralization, measured as CO2 pro
duction, decreased with increasing PE and PBAT-BD MP concentrations 
in Spain at 0.05 %, an environmentally relevant level. A similar decline 
in SIR was observed in mesocosm experiments at 0.05 % PBAT-BD (Kim 
et al), while at 0.8 % w/w, BR and SIR increased significantly (Kim et al). 
Rauscher et al. (2023) reported no effect of PBAT-BD MPs on CO2 
emissions at 0.1 %, but a significant increase at 1 %. These findings 
suggest that low MP levels may suppress microbial activity due to 
altered soil properties or energy sources, while higher concentrations 
may stimulate activity as PBAT-BD MPs serve as a C source. MP-induced 
microbial effects may also result from additives or small molecular 
compounds (Hahladakis et al., 2018; Li et al., 2021). PBAT-BD MP 
consumption is associated with bacterial species (Rauscher et al., 2023), 
though we found no MP-related shifts in bacterial community compo
sition. Using 13C-labeled polymers, Zumstein et al. (2018) demon
strated that PBAT-BD is converted to CO2 during microbial respiration 
and contributes to biomass formation. The threshold for these effects 
remains uncertain; adverse impacts were noted at 0.05 % (this study) 
and 0.4 % (Zhao et al., 2021), while positive effects emerged at 0.8–1 % 
(Kim et al; Rauscher et al., 2023). These findings apply specifically to 
PBAT-BD MPs, as Rauscher et al. (2023) detected no effect at low or high 
PE-MP concentrations, likely due to PBAT-BD’s higher degradability. 
This study’s novel finding is that MP contamination may impair mi
crobial activity even at environmentally relevant levels. Furthermore, 
prior studies were limited to laboratory or mesocosm settings, under
scoring the need for insights from field experiments.

Whereas in Spain, the effect of MP concentration was observed for 
both monitored microbial activities related to the C mineralization in 
2023, different behaviour was found in Germany and Finland. In these 
countries, significant differences were found for BR in 2023, but SIR was 
mostly comparable between the controls and MP treatments. This may 
indicate that the effect of MPs on C mineralization is site/region-specific 
and may be connected with, e.g., the degree of MP degradation, the 
amount of released additives, and degrading products. In 2022, the 
PBAT-BD MP-induced effect was observed only for SIR in Finland and 
Spain. More differences were reported in 2023, which supports the po
tential for cumulative effects on the soil environment (Brandes et al., 
2021).

In our study, N mineralization revealed similar trends as C-miner
alization. Compared to the controls, a significant activity reduction was 
observed in soil contaminated by MPs in 2022 and 2023 in Spain, and a 
few inconsistent differences were also noted in Germany and Finland. 
Therefore, we assume that studied MPs originating from the mulching 

films at environmentally relevant concentrations have similar modes of 
action on N mineralization as described previously for C mineralization. 
PAO has been previously shown to be sensitive to heavy metals and 
organic contaminants independent of their biodegradability 
(Hund-Rinke and Simon, 2008). Our study confirms this phenomenon 
and shows that microbial activity is a sensitive tool also for testing the 
impacts of agricultural MPs on soil processes. On one hand, Reay et al. 
(2023) observed the retention of NH4

+ and NO3
− pools in the soil 

contaminated by PLA-PBAT, and they hypothesized that both nitrifica
tion and denitrification processes might have been suppressed by 
contamination of these MPs. On the other hand, in the same study in 
soils with added PE-MPs, the N assimilation was found to be comparable 
to the control, indicating no negative effects on microbial activities 
(Reay et al., 2023). Although the potential ammonification and potential 
ammonium oxidation were measured in our study, which should not be 
directly dependent on the availability of actual N sources in the soils, 
systematic decreases in microbial activities were observed for both 
PBAT-BD and PE MPs in Spain.

There were very mild MP effects on decomposition. We observed 
lower degradation in Finland in 2022 in the high PBAT-BD MP treatment 
compared to the control which is in line with the decrease of C miner
alization. However, C mineralization decreased in MP treatments also in 
2023, and this phenomenon was not observed for litter degradation. As 
expected, green tea degraded faster than rooibos, due to its higher 
fraction of water-soluble compounds that leach out early in the degra
dation process (Didion et al., 2016). Green tea degraded the fastest in 
Germany, followed by Finland and Spain. This trend aligns with previ
ous observations, where green tea degrades more slowly in warmer and 
drier Mediterranean climates compared to boreal or temperate climates 
(Djukic et al., 2018). Interestingly, rooibos degraded slower in Germany 
than in Finland or Spain. Climatic conditions and management practices 
used in agriculture affect degradation (Gmach et al., 2024), which may 
explain why the degradation differed among countries.

5. Implications

A significant proportion of MP impact studies have been conducted 
in controlled laboratory environments, often using higher MP concen
trations and excluding plants (Jiang et al., 2024; Johansen et al., 2024). 
In contrast, this study examined PE and PBAT-BD MP effects at envi
ronmentally relevant concentrations in three European field experi
ments with barley cultivation. In natural settings, soil heterogeneity and 
plant growth can obscure MP-induced changes or buffer harmful effects, 
explaining why many measured soil properties showed no alterations. 
These effects varied across countries and years and did not encompass 
the full range of natural variability, yet findings indicate that even low 
MP concentrations can influence N cycling and microbial functions.

At low MP concentrations, N cycling-related changes were observed 
in Germany (WEON) and Spain (NO3-N). However, MP impacts on soil 
properties were not consistently mirrored in microbial activity under 
controlled lab conditions. For instance, OC and WEOC, key substrates for 
soil biota, showed comparable levels across MP treatments and controls, 
yet microbial activity measured in the lab displayed MP-related effects. 
Of several N cycling-related properties, only a few MP-induced changes 
aligned with laboratory-assessed N mineralization. In Germany, higher 
WEON was detected in the low PE soil treatment after the first growing 
season, but microbial activity related to N mineralization remained 
unchanged. By 2023, following the second growing season, Spanish 
plots with low and high PE soil treatment exhibited lower NO3-N and 
WETN, with significant declines in PAO and PAMO. These findings 
suggest microbial activity is a sensitive indicator of MP effects, 
demonstrating that MP can alter N cycling processes. While general
izations on GHG emissions remain challenging due to limited data, 
increasing evidence supports MP-induced N2O emissions (Su et al., 
2023; Zhang et al., 2024a,b), corroborated by our field data.

Our results align with recent literature (Chen et al., 2025; Thompson 
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et al., 2024; Zeb et al., 2024), emphasizing MP effects as soil type- and 
environment-dependent. Spain showed the most significant MP-induced 
effects, consistent with studies indicating stronger MP impacts on the 
nitrogen cycle at elevated temperatures (Shi et al., 2022; Xiang et al., 
2023). Although lab tests for PAO and PAMO were conducted under 
uniform temperatures, MP-treated soils displayed long-term changes, 
likely influenced by prolonged high-temperature exposure. Shi et al. 
(2022) suggested that lower mineral N levels in MP-treated soils result 
from reduced mineralization rates, particularly under higher tempera
tures, with MP additive release and transformation potentially acceler
ating at elevated temperatures (Lv et al., 2024).

Aggregate stability in Spain was lower than in Finland and Germany, 
despite higher clay content usually correlating with increased WSA 
(Schweizer et al., 2019). Spain’s high clay content and low organic 
matter resulted in an SOC/clay ratio of 1:30, indicating structural 
vulnerability (Dexter et al., 2008; Johannes et al., 2017) and limited 
organic N availability for mineralization (Ros et al., 2011; Soinne et al., 
2021). High temperatures, weak structural stability, and reduced 
mineralizable OM availability stress soil microbiota. The pronounced 
MP effects observed in Spain align with Rillig et al. (2024), who suggest 
multiple stressors heighten the risk of impaired soil ecosystem func
tioning. While MP impacts may vary by ecosystem health, our results 
indicate that under multiple stressors, even low MP concentrations can 
contribute to soil degradation, highlighting the need for region-specific 
risk assessments, particularly in Southern Europe.

6. Conclusion

This study investigated the effects of polyethylene (PE) and PBAT-BD 
microplastics (MPs) at environmentally relevant concentrations across 
three European field sites, revealing that even low MP levels can alter 
nitrogen (N) cycling and microbial activity, particularly under site- 
specific conditions. While many soil properties showed no significant 
MP-induced changes due to environmental buffering, microbial re
sponses, especially related to N cycling, proved more sensitive, most 
notably in Spain and Germany. These effects were influenced by factors 
like temperature, soil structure, and organic matter availability, with 
Spain showing the strongest MP impacts due to its high clay content, low 
organic matter, and elevated temperatures. The findings underscore the 
environment- and soil-dependent nature of MP effects and support 
growing evidence that MPs contribute to N2O emissions and potential 
soil degradation, particularly under multiple stressors, emphasizing the 
need for tailored regional risk assessments.
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Mirtl, M., Scherer-Lorenzen, M., Růžek, M., Carbognani, M., Di Musciano, M., 
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